Introduction
Urban areas currently host 54% of the Globe's human population, and the proportion may reach 68% by 2050 (United Nations 2018). This trend is made possible by, e.g. increasing intensification of land use and the spread of urban areas (Seto, Guneralp, and Hutyra 2012) . These in turn result in loss and fragmentation of earlier contiguous habitat and alterations in biodiversity (McDonnell et al. 1997; Whitford, Handley, and Ennos 2001; Grimm et al. 2008) . At a patch level, urban species communities generally contain fewer species and different dominance structure, compared with communities in rural areas (Niemelä et al. 2011) . This pattern results from such stressors as pollutants and land use, characteristic for urban environments (McDonnell et al. 1997; Forman 2008) .
Urban forests bear many values. For humans, they provide many ecosystem services, such as plant pollination, ground and surface water protection, particle filtering from the air, and noise reduction (Forman 2008; Salo 2015) . Urban people commonly appreciate esthetic and recreational values of these forests (Tyrvä inen, Silvennoinen, and Kolehmainen 2003; Chiesura 2004; Kabisch, Qureshi, and Haase 2015) . Moreover, from a biodiversity perspective, these forests provide habitat and dispersal routes for many species (Niemelä et al. 2011) . Urban areas can also host rare and threatened species (e.g. Alvey 2006; Jones and Leather 2012; Ives et al. 2016) . Biodiversity surveys in cities world-wide support this view; Finnish examples include Kurtto (2002) , Savola (2012) and Ellermaa (2018) . However, quite often the urban spread also produces 'more of the same': urban areas are particularly favorable for opportunistic generalists, disturbance tolerant species and cosmopolitan species (McKinney 2006 (McKinney , 2008 Sadler et al. 2006) .
Even if urban forests can be considered important from many viewpoints, their preservation competes with economics (construction projects, urban spread) and their ecological quality is often compromised by such factors as edge effects or trampling. Generally, these factors tend to negatively impact species that are associated with mature forests, and benefit opportunistic species and others that occupy well-exposed habitats, such as meadows (e.g. Littlemore and Barker 2002; Malmivaara, Lö fströ m, and Vanha-Majamaa 2002; Magura, Tó thméré sz, and Molná r 2008; Malmivaara-Lä msä et al. 2008; Kotze et al. 2012) . Moreover, management of urban forests is common, not necessarily for economic but for safety or aesthetic reasons (e.g. Hamberg, Lö fströ m and Hä kkinen 2012). Undergrowth removal, for instance, is a routine operation in these forests, yet its ecological effects are poorly understood except, perhaps, on soil quality and tree growth. With undergrowth we refer to trees and bushes that have not reached the canopy-tree layer, thus exclude floor-and field-layer vegetation.
In this article, we compare urban boreal forests where undergrowth had recently been removed to similar forests where undergrowth had been retained. Our data consist of ground beetles (Coleoptera, Carabidae; hereafter 'carabids') and vascular plants sampled at different distances from edges of these forests. North European carabids and vascular plants are ecologically and taxonomically well known, and both respond to micro-habitat variation at different spatial scales (e.g. Niemelä 1997; Reinikainen et al. 2000; Mossberg and Stenberg 2003; Koivula 2011) . These qualities make them suitable model organisms for studying biological responses to human impact at spatial scales of within and between stands, which are relevant for urban land-use management. Surprisingly, then, in their review on biodiversity of urban parks, Nielsen et al. (2014) concluded that studies on urban environments seldom bridge between fauna and flora, a core feature of this study.
Research concerning boreal forest management suggests that undergrowth removal can impact carabids and plants. For example, clear-cutting changes the assemblage (hereafter 'community' for convenience) structure of carabids (Niemelä , Koivula, and Kotze 2007) and plants (Jalonen and Vanha-Majamaa 2001; Pykä lä 2004; Palviainen et al. 2005; Tonteri et al. 2016 ) through rapid colonization of open-habitat associated species and increase of succession generalists (Niemelä et al. 1988; Spence et al. 1996; Koivula 2002; Pykä lä 2004) . If living trees are retained, changes in species composition can be considerably smaller (Bergstedt and Milberg 2001; Macdonald and Fenniak 2007; Work et al. 2010; Johnson, Strengbom, and Kouki 2014) , perhaps because of smaller changes in the forest-floor shade and micro-climate (Koivula 2012) . Hence the undergrowth removal-studied here-may be expected to affect carabids and plants only little, as the sheltering canopy trees are retained. However, undergrowth removal is often accompanied by removals of tree trunks and branches from the ground, resulting in lower structural variation and altered nutritional conditions in the soil, which in turn potentially impact forest specialists negatively, and succession generalists positively (Palviainen 2005; Nitté rus, Å strö m, and Gunnarsson 2007) .
Adjacent habitats exchange energy, species and nutrients across their mutual boundary, and species communities change gradually across a gradient from one habitat to another; these are referred to as edge gradients (Murcia 1995) . In this study, the gradients reach from street-side verges toward interior parts of forested patches. These edges are abrupt interfaces between forested patches and artificial surfaces (paved roads, built-up areas etc.), the latter being quite inhospitable for carabids and plants (e.g. Guirado, Pino, and Roda 2006; Prass et al. 2017) . In forest-edge gradients, the overall richness and open-habitat associated species may decrease, and shade-demanding species may increase, toward interior forest, as earlier shown for carabids (Heliö lä , Koivula, and Niemelä 2001; Magura 2002; Koivula, Hyyrylä inen, and Soininen 2004) and plants (Guirado, Pino, and Roda 2006; Hamberg et al. 2008; Vallet et al. 2010) .
Here, we propose the following predictions:
1. As communities of carabids and vascular plants in managed boreal and temperate forests largely consist of open-habitat species and succession/canopy-closure generalists (Tonteri 1994; Pykä lä 2004; Niemelä et al. 2007; Aavik et al. 2009; Bescond, Fenton, and Bergeron 2011; Duguid and Ashton 2013) , we expect the total species richness and diversity of carabids and plants to peak in stands where undergrowth has been removed, and at sampling plots closer to the edge. 
Methods
We selected five study sites, each with two stands 50-200 m apart, distributed over the city of Jyvä skylä , Finland (62 14" N, 25 44" E; Fig. 1 ). Each stand represented Myrtillus or Oxalis-Myrtillus type forest (Cajander 1949 (Table 1) . With 'treatment' we refer to the undergrowth removal below. The treatment was done by city timberjacks using clearing saws and was accompanied by removals of logging residue, which is a normal procedure in urban forest management in Finland.
We sampled carabids and vascular plants during May-September 2009, i.e. 0.5-2.5 years after the treatment. Within each of the 10 stands, we established three sampling stations: at 0 m, i.e. the stand edge, and at distances 10 and 20 m into the forest interior. We acknowledge that edge effects may reach at least 25-30 m into the forest interior (e.g. Chen, Franklin, and Spies 1993) but we consistently applied the 20 m distance because this was the farthest from the nearest edge in some stands. The compass directions of edge facing varied independently in treated and untreated stands (Table 1) .
To collect carabids, we used pitfall traps (mouth diameter 70 mm, volume 0.25 l, half filled with 30% propylene glycol and a drop of detergent, covered with a 10 Â 10 cm plastic roof set 2-3 cm above the trap rim; e.g. Koivula et al. 2003) . We placed four traps into each corner of a 4 Â 4 m square of each sampling station ( Fig. 1) . The traps were operating from late May to early September and were serviced every 2À4 weeks. We sorted the samples and identified the collected beetles in a laboratory. For the purposes of analysis, we pooled the samples of a given station over the whole summer, thus resulting in (10 stands Â 3 stations) 30 samples.
We carried out vegetation inventories in June by establishing three 1 x 1 m plots at each sampling station in each stand Table 1 ). The vignettes show an example study stand (Ainola, untreated) with three sampling stations arranged to an edge-distance gradient from 0 to 20 m toward patch interior, and a sampling station showing the placing of four pitfall traps and three vegetation plots. Fig. 1 ). For each plot, we recorded each plant species along with its percent cover. For analysis purposes we pooled vegetation data by averaging percent covers of each plant species per sampling station, thus resulting in a total of 30 samples. Table 1 shows structural variation in our study stands. These variables were not used in analyses, however, as they represent different spatial scale from our sampling, and our focus was on undergrowth removal and edge proximity. We analyzed the carabid and plant abundance and richness data using generalized linear mixed-effects models (GLMMs; Zuur et al. 2009 ). Our response variables were the total number of species, Shannon-Wiener and Simpson diversity indices, pooled samples of three ecological groups (forest, generalist and open-habitat species), and number of captured individuals (for carabids) or percent cover (for plants) of abundant species. Regarding the three ecological groups of species, we based the grouping on Niemelä , Koivula, and Kotze (2007) for carabids and Reinikainen et al. (2000) and Mossberg and Stenberg (2003) for plants (Appendix). We analyzed both the pooled abundance (for carabids) or percent cover (for plants) and the number of species for groups or species found in >50% of samples, and excluded sites with no observations (one site for the beetle Pterostichus melanarius, and for the plants Calamagrostis arundinaceus and Rubus saxatilis). It must be noted that passive collecting methods (such as pitfall trapping) do not collect different species with their true relative proportions but are biased toward larger and more actively moving species (Koivula 2011) , which limits the interpretation of indices or community analyses for carabids.
In GLMM, we set site (each with two stands) as a random factor to account for spatial inter-dependence of adjacent stands and their sampling stations, and treatment (undergrowth not removed, undergrowth removed in the winter of 2006/2007, or undergrowth removed in the winter of 2008/2009) and edge proximity (0, 10 or 20 m into the patch interior) as fixed factors. Due to the often low sample sizes, we did not include an interaction between treatment and edge proximity in our models. Regarding carabid data, sample losses were rare and apparently random; preliminary runs with sampling effort as a covariate suggested no effect so we excluded effort from our models. We initially used untransformed data with Gaussian error distribution and checked the normality of residuals using Q-Q plots. If these plots indicated a lack of normality, we square-root transformed the data and reran the models, and if the issue still persisted, we applied quasi-Poisson error distribution (e.g. Ver Hoef and Boveng 2007). The Q-Q plots of final models are shown in Supplementary Figures S1 and S2.
We also explored the possibility for edge responses to differ between treated and untreated stands by calculating separate Spearman rank correlation coefficients between the edge proximity and the number of species, the two indices, the abundance and richness of the three ecological groups of species, and the abundance or percent cover of different species. Due to the high number of comparisons we interpret these results with caution.
To assess community responses to treatment and edge proximity, we used Non-metric Multi-Dimensional Scaling (NMDS; Borg and Groenen 2005) by applying the Bray-Curtis distance matrix. We analyzed beetle and plant data separately. We tested the distinctiveness of samples of untreated stands, and stands treated in the winters of 2006/2007 or 2008/2009 , and samples collected at different edge distances (0, 10 or 20 m), using permutational multivariate analysis of variance (ANOVA) (adonis function with strata ¼ site in the R package vegan; Oksanen et al. 2018) .
We ran the analyses using R 3.4.4 (R Core Team 2018) with car (Fox and Weisberg 2011), MASS (Venables and Ripley 2002), vegan (Oksanen et al. 2018 ) and lme4 packages (Bates et al. 2015) .
Results
We collected 1167 carabid individuals of 26 species and found 61 vascular plant species (canopy trees excluded; Appendix). Six carabid species (Calathus micropterus, Carabus nemoralis, Leistus terminatus, P.melanarius, Pterostichus oblongopunctatus and Trechus secalis) and nine plant species (C.arundinaceus, Deschampsia flexuosa, Geranium sylvaticum, Maianthemum bifolium, Oxalis acetocella, R.saxatilis, S.aucuparia, Trientalis europaea and Vaccinium myrtillus) occupied more than half of the sampling stations and were thus subjected to GLMM, in addition to the total and species-group abundances and richness measures.
Responses to the undergrowth removal
In carabids, the treatment did not affect the number of species, but the two indices peaked in stands treated in the winter of 2008/2009 (Table 2 ). In terms of carabid abundance, forest carabids had lowest, and open-habitat carabids had highest, catches in stands treated in the winter of 2006/2007 (Fig. 2) ; generalists did not respond significantly to the treatment. In terms of species richness, forest or generalist carabids did not respond significantly to the treatment, whereas open-habitat carabids were significantly more speciose in stands treated in the winter of 2006/2007 than in untreated stands (Table 2) .
Regarding the plant community, the number of species or the two indices did not show a treatment response (Table 2) . Furthermore, forest plants had lower cover in treated than in untreated stands, irrespective of time since treatment (Fig. 2) , whereas generalist plants had marginally higher cover in stands treated in the winter of 2006/2007 than in untreated stands. Plant species richness measures for the three ecological groups did not show a treatment response (Table 2) .
Three carabid species showed a detectable treatment response (Table 3) . Carabus nemoralis was marginally more abundant in stands treated in the winter of 2008/2009 than in untreated stands. Leistus terminatus was marginally less numerous in stands treated in the winter of 2006/2007, and P.oblongopunctatus was marginally less numerous in stands treated in the winter of 2008/2009, than in untreated stands (Table 3) .
Six plant species responded significantly or marginally significantly to the treatment (Table 3) . Oxalis acetocella and V.myrtillus had lower cover in treated than in untreated stands, irrespective of time since undergrowth removal ( Fig. 3) , whereas G.sylvaticum had lower cover in the 2008/2009, but not in the 2006/2007, than in untreated stands. Maianthemum bifolium had higher cover in stands treated in both winters (2006/2007 and 2008/2009; Fig. 3 ), R.saxatilis had higher cover in 2006/2007, and S.aucuparia had higher cover in 2008/2009, than in untreated stands (Table 3 ).
Responses to the edge proximity
Regarding both carabids and plants, edge proximity did not significantly affect the total diversity measures or the ecological groups of species (Table 2) . However, the abundance and richness of open-habitat carabids were marginally lower at 10 m from than at the edge.
In terms of individual species, none of the carabids responded to the edge gradient (Table 3) . Regarding plant species, O.acetocella had significantly higher cover at 20 m from than at the edge, whereas R.saxatilis peaked marginally at 10 m and T.europaea also marginally at 20 m.
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Community responses to the undergrowth removal and edge proximity
Two-dimensional NMDS solutions had very high stress for both carabids and plants (>0.24; not shown), so we report 3D solutions; final stress for both carabids and plants was 0.15. Carabid samples from untreated stands, and stands treated in the winters of 2006/2007 or 2008/2009, did not differ systematically from each other (permutational multivariate ANOVA; F ¼ 1.14, R 2 ¼ 0.08, P ¼ 0.875) and the samples were also similar with respect to edge proximity (F ¼ 0.57, R 2 ¼ 0.04, P ¼ 0.869). Plant community, however, showed a significant treatment response (F ¼ 1.82, R 2 ¼ 0.12, P ¼ 0.029; Fig. 4 ) but did not respond to the edge proximity (F ¼ 0.60, R 2 ¼ 0.04, P ¼ 0.923).
Discussion

Strong effects of undergrowth removal on carabids and plants
We found that the carabid diversity-as measured by Shannon-Wiener and Simpson indices-was affected by the understory removal, implying rapid alteration in the community structure. This finding is in line with many species-richness responses to logging (e.g. Kuuluvainen, Tahvonen, and Aakala 2012; Nascimbene, Thor, and Nimis 2013; Fedrowitz et al. 2014 ) but apparently ephemeral, as the difference was significant for stands treated in the winter of 2008/2009 (treated half a year earlier) but not for 2006/2007 (2.5 years earlier; see discussion below). The lack of a treatment response in plant diversity, on the other hand, may have resulted from the relatively short post-treatment period (Bergstedt and Milberg 2001) and/or urbanization-related, historical landscape-scale change in the plant community (Niemelä et al. 2011 ). Thus, urban species communities may not consistently host fewer species than rural communities do (Niemelä and Kotze 2009 ), but they may host fewer habitat specialists (Magura, Lö vei, and Tó thméré sz 2010, Vallet et al. 2010) . Indeed, our data consisted mostly of succession generalists or open-habitat associated species, and specialists of mature or old-growth forests were missing (Appendix). These patterns suggest community homogenization, specialist loss and generalist/opportunist increase in urban ecosystems (Venn, Kotze, and Niemelä 2003; McKinney 2006 McKinney , 2008 . We also found that the groups of forest plants and forest carabids were less abundant, and open-habitat carabids (but not open-habitat plants) were more abundant and more speciose, in treated than in untreated stands. These findings are in line with our predictions based on responses of these groups to logging (see Introduction section). Moreover, these responses were strongest in stands treated in the winter of 2006/2007, which suggests a 1-3 years response delay, as earlier reported for several forest plants by, e.g. Bergstedt and Milberg (2001) for logging and Ilisson et al. (2006) for windstorm disturbance. Both positive and negative responses to urban stressors are common (e.g. Jones and Leather 2012) , and the opposite responses of forest and open-habitat species groups may have resulted in the lack of a detectable response in the total numbers of species. Contrasting responses between ecological groups of species nevertheless reflect the importance of examining different elements of communities rather than just the overall number of species in management and conservation assessments (e.g. Koivula 2011) .
At the species level, the plants M.bifolium responded positively, and O.acetocella and V.myrtillus responded negatively, to the undergrowth removal in both the 2006/2007 and 2008/2009 stands. For M.bifolium, the positive response may be considered surprising, as the species is associated with shady conditions (Kujala 1926) but may be explained through competition. Thus, the species may have taken the advantage of undergrowth removal per se and negative responses of some common plants to it, such as V.myrtillus. The negative responses of O.acetocella and V.myrtillus are in line with previous studies on the effects of stand-replacing disturbances, such as clear-cutting and windstorm (Atlegrim and Sjö berg 1996; Jalonen and Vanha-Majamaa 2001; Ilisson et al. 2006; Johnson, Strengbom, and Kouki 2014; Tonteri et al. 2016 ; but see Nybakken, Selå s, and Ohlson 2013; Eldegard et al. 2019 ). All three species may have responded to treatment-caused alterations in shade and/or micro-climate, including variation in wind, temperature and moisture (e.g. Chen et al. 1999; Harper et al. 2015) . We did not measure these factors or soil qualities, but further research on these and on interspecific interactions (competition, pollination, predation and herbivory) would shed light on mechanisms behind the detected responses.
Several other carabid and plant species responded to the undergrowth removal only in stands treated in 2006/2007, suggesting a response delay, or only in stands treated in 2008/2009, suggesting an ephemeral response. We found evidence for a time lag in the treatment response of the carabid L.terminatus. Time lags in biological responses to habitat change are common and range from days to tens of years (e.g. Vellend et al. 2006) and, regarding logging, can be at least a few years in carabids and other arthropods (e.g. Spence et al. 1996; Vance and Nol 2003; Matveinen-Huju et al. 2006; Koivula et al. 2019) . Moreover, some carabid responses were apparently ephemeral: C.nemoralis responded positively, and P.oblongopunctatus Table 2 for statistics. habitats and light forests, whereas the latter occupies different kinds of forest (Lindroth 1985 (Lindroth , 1986 Niemelä , Koivula, and Kotze 2007) . These responses may result from rapid changes in vegetation (see discussion above), which in turn affects the forest-floor micro-climate, shade and, indirectly, food items of these mostly predatory beetles (Thiele 1977; Kotze et al. 2011 ). In our study, some changes in vegetation indeed seemed short lived: the covers of S.aucuparia and G.sylvaticum were lower only in stands treated in the winter of 2008/2009 than in untreated stands. Sorbus aucuparia was targeted by the undergrowth removals but may have quickly recovered due to sprouting (Zywiec and Ledwon 2008) , explaining the cover similarity in untreated stands and in stands treated in 2006/2007. Geranium sylvaticum, on the other hand, might have temporarily suffered Table 3 for statistics. None were significant, but coefficients >0.44 are marginally significant. from trampling by personnel doing the undergrowth removals (Hamberg et al. 2008 (Hamberg et al. , 2010 . Thus, the leaf area but not the number of specimens might have been impacted, allowing a rapid recovery after trampling (Thurston and Reader 2001) . Comparisons between counts of specimens and percent covers would confirm this hypothesis; we measured only percent cover. (Matlack 1993 ).
Small effects of edge proximity on carabids and plants
The generally low magnitude of edge effects may have occurred because of a general loss of specialists in urban landscapes (see above), and/or the short edge gradients studied here. Edge effects, as reflected by altered species compositions, may reach 50 m into the interior in boreal and temperate forests (e.g. Esseen and Renhorn 1998; Honnay, Verheyen, and Hermy 2002; Hamberg et al. 2008) . Thus, the studied 20 m may have only captured small responses of species that do not avoid open habitats but are just less abundant there-generalists to varying degrees. Yet another explanation is that many opportunistic species of surrounding habitats have evidently invaded the studied forest fragments (Burke and Goulet 1998) . In total 14 out of the 23 species of plants classified as open-habitat associated occurred at least once in sampling stations that were 20 m from the edge.
Our edge explorations of untreated or treated stands also suggest minor effects (Table 4 ). All the correlation coefficients were relatively low, and only three were marginally significant, which could occur by chance alone. Three forest-associated carabid species showed edge responses: P.oblongopunctatus increased slightly toward forest interior in treated but not in untreated stands, whereas C.micropterus and L.terminatus showed similar trends in untreated but not in treated stands. Regarding the former species, the more extensive cover by bushes and small trees could mitigate edge effects in untreated stands (Didham and Lawton 1999; Niemelä , Koivula, and Kotze 2007) . The intuitively surprising responses by C.micropterus and L.terminatus, on the other hand, might represent a 'panic reaction' to conditions turned unfavorable. Such reaction could result in higher mobility (Charrier, Petit, and Burel 1997) and consequently elevated catches of these beetles throughout the edge proximity gradient.
Community structure was little affected by undergrowth removal and edge proximity
In terms of the overall community structure, carabids did not respond to the treatment or to the 20-m edge gradient, whereas plants responded to the treatment. Even for plants, the samples of untreated and treated stands may be better described as being different on average rather than being distinctive (Fig. 4) . Similarly, the soil microbial community in Finnish urban forests varied only little within 20 m, but was more different 50 m, from edge to interior (Malmivaara-Lämsä et al. 2008 ; see also Harper et al. 2005) .
The ambiguity may have been because most species in our data were open-habitat associated, or generalists of habitat openness (Appendix; see discussion above) or, not mutually exclusively, the communities varied remarkably independent of the treatment or edge proximity. Indeed, 40 out of a total of 87 species occurred in only 1-2 stands so that 18 were found solely in treated and 13 solely in untreated stands. Moreover, 27 species occupied 3-5 stands, but only 3 of these were solely found in treated or in untreated stands. Another explanation for such difficult-topredict occurrences of plants and carabids may be habitat heterogeneity (Honnay, Hermy, and Coppin 1999; Marchand and Houle 2006; Fuller, Oliver, and Leather 2008;  see Table 1 ). Moreover, our stands could have hosted remnant populations of some species; partly for this reason, community heterogeneity may sometimes be higher in fragmented urban than in contiguous rural habitats (e.g. Klausnitzer and Richter 1983; Niemelä et al. 2002; Venn, Kotze, and Niemelä 2003; Magura, Tóthmérész, and Molná r 2008) .
Conclusions
Our study is among the first that assesses the impact of undergrowth removal on ecological communities. From ecological, management and conservation perspectives, our most important finding was that species associated with closed-canopy conditions often suffered, and species thriving in open habitats benefited, from undergrowth removal and, to some degree, from edge proximity. Clearly, maintaining variation in urban forest management may generally support biodiversity of urban areas (Rydbeck and Falck 2000) . For instance, variable retention potentially benefits species associated with shady conditions (Gustafsson et al. 2012; Fedrowitz et al. 2014) , especially if applied to maintain and add structural heterogeneity, such as variation in tree densities and layers, and very large and dead trees (e.g. Craig and Macdonald 2009; Pinzon, Spence, and Langor 2012; Stokland, Siitonen, and Jonsson 2012; Suominen et al. 2015; Heikkala, Martikainen, and Kouki 2016; Joelsson et al. 2017 ). Based on present results, we also recommend managers of urban forests to assess the local fauna and flora before harvesting operations, such as undergrowth removal, to avoid potentially negative impacts on rare and threatened species requiring shady conditions. 
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